
Ecotoxicology and Environmental Safety 279 (2024) 116416

Available online 15 May 2024
0147-6513/© 2024 Published by Elsevier Inc. This is an open access article under the CC BY-NC-ND license (http://creativecommons.org/licenses/by-nc-nd/4.0/).

Contrasting plant-induced changes in heavy metals dynamics: Implications 
for phytoremediation strategies in estuarine wetlands 

Amanda Duim Ferreira a, Hermano Melo Queiroz a, Alexys G. Friol Boim a, Owen 
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A B S T R A C T   

Wetland plants play a crucial role in regulating soil geochemistry, influencing heavy metal (HM) speciation, 
bioavailability, and uptake, thus impacting phytoremediation potential. We hypothesized that variations in HM 
biogeochemistry within estuarine soils are controlled by distinct estuarine plant species. We evaluated the soils 
(pH, redox potential, rhizosphere pH, HM total concentration, and geochemical fractionation), plant parts (shoot 
and root), and iron plaques of three plants growing in an estuary affected by Fe-rich mine tailings. Though the 
integration of multiple plant and soil analysis, this work emphasizes the importance of considering geochemical 
pools of HM for predicting their fate. Apart from the predominance of HM associated with Fe oxides, Typha 
domingensis accumulated the highest Cr and Ni contents in their shoots (> 100 mg kg− 1). In contrast, Hibiscus 
tiliaceus accumulated more Cu and Pb in their roots (> 50 mg kg− 1). The differences in rhizosphere soil con
ditions and root bioturbation explained the different potentials between the plants by altering the soil dynamics 
and HM’s bioavailability, ultimately affecting their uptake. This study suggests that Eleocharis acutangula is not 
suitable for phytoextraction or phytostabilization, whereas Typha domingensis shows potential for Cr and Ni 
phytoextraction. In addition, we first showed Hibiscus tiliaceus as a promising wood species for Cu and Pb 
phytostabilization.   

1. Introduction 

Estuarine soils are commonly impacted by heavy metals (HMs) 
because they may receive contaminant loads from upstream watersheds 
transported by rivers and accumulate within estuaries (Hadlich et al., 
2018; Varzim et al., 2019). In estuarine ecosystems, HMs may have 
several fates: they may be retained and accumulated in the soils, 
absorbed by plants, released into estuarine waters, or concentrated in 
the tissues of aquatic organisms (De Luca Rebello et al., 1986). Thus, 
HMs may be transferred along the food chain, thus posing serious risks 
to human and environmental health (Gabriel et al., 2020a; Jiang et al., 
2020). 

In these environments, estuarine plants may differ in their impact on 
estuarine soil geochemistry (Enya et al., 2019; Yan et al., 2022), ulti
mately affecting HM bioavailability and, thus, the plant’s ability to 
promote phytoremediation. The removal of HMs from soils can be 

influenced by various plant traits and plant-mediated soil processes, 
such as evapotranspiration (Schück and Greger, 2020a), biomass pro
duction (Zhang et al., 2019), root system architecture (Schück and 
Greger, 2020b), root uptake kinetics (Ao et al., 2022), translocation 
mechanisms (e.g., metal transporters; (Rascio and Navari-Izzo, 2011)). 
These processes alter soil geochemical conditions allowing plants to 
access HMs from the soil solution and other soil fractions. For example, 
plants may enhance the reductive dissolution of Fe (oxyhydr)oxides 
through the input of labile organic matter (e.g., root exudates), which 
may result in the concomitant release of mineral-associated HMs 
(Queiroz et al., 2021). In contrast, estuarine plants can control HM 
bioavailability by promoting metal precipitation in their rhizosphere (Li 
et al., 2019). Radial oxygen loss (ROL) through root pores can oxidize 
elements (e.g., As(III)) and potentially reduce their bioavailability (Li 
et al., 2019; Xue et al., 2022). ROL can also oxidize other elements (e.g., 
Fe and Mn) that control HM speciation through the formation of 
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precipitates on the root surface (e.g., iron plaques, IP), which may act as 
barriers to (Zhang et al., 2023) or sources of HMs for plant uptake 
(Health et al., 2022; Zhang et al., 2022; Ferreira et al., 2022a). 

In 2015, Brazil experienced its largest environmental disaster (i.e., 
Mariana’s disaster; (Hatje et al., 2017)). The discharge of Fe mine tail
ings released 60 million tons of Fe-rich tailings into the Rio Doce Estu
ary, causing environmental impacts associated with HMs in soil, water, 
plants, and fauna (Ferreira et al., 2022a, 2022b; Bernardino et al., 2019; 
Queiroz et al., 2018; Gabriel et al., 2020b; Barcellos et al., 2022). Pre
vious studies have revealed that iron (Fe) (oxyhydr)oxides present in 
tailings and impacted estuarine soils played key roles in HM bioavail
ability (Queiroz et al., 2021, 2018). Interestingly, a recent study iden
tified the widespread colonization of Fe-rich mine tailings by different 
native estuarine plants (Queiroz et al., 2022). However, the impact of 
these plants on the chemistry of the soils and biogeochemical cycling 
HMs with them is currently unknown. 

In the present study, we hypothesized that three native estuarine 
plants (Typha domingensis, Eleocharis acutangula, and Hibiscus tiliaceus) 
may exert contrasting effects on the dynamics, removal, and stabiliza
tion of HMs in estuarine soils affected by Fe-rich mine tailings. The 
present study aimed to assess the potential of three estuarine plants for 
HM phytoremediation and to determine the plant-mediated soil mech
anisms used by each plant. To achieve these objectives, soil and plant 
samples were collected from three sites in the Rio Doce estuary—each 
colonized by a monospecific stand of each plant. The total content of 
chromium, cooper, lead and nickel in the soil and different plant 

compartments (i.e., shoot, root, and iron plaques (IPs)) were deter
mined. Moreover, soil HM chemical partitioning was carried out to 
elucidate their geochemical behavior in soils with different plant covers. 

2. Material and methods 

2.1. Setting, sampling, and in situ measurements 

The estuarine environment used as a framework (Fig. 1), known for 
its fishing communities, surfing, tourism, and environmental conserva
tion activities, has been severely impacted by Fe-rich mine tailing de
positions due to the rupture of the Fundão dam. In 2015, more than 50 
million cubic meters of Fe mine tailings were released into the Rio Doce 
basin (Gabriel et al., 2020b; Barcellos et al., 2022). These mine tailings 
traveled more than 600 km, reaching the estuary 17 days later after the 
dam rupture (Bernardino et al., 2019). In addition, after the disaster, the 
total content of heavy metals such as Cr, Ni, Cu, and Pb in the estuarine 
sediments increased by 2–5 times (Gomes et al., 2017). In addition, 
Queiroz et al (Queiroz et al., 2018). reported that heavy metals in the 
recently deposited mine tailings in the estuary were associated with iron 
oxides, which could increase its ecological risks due to Fe reductive 
dissolution and associated metals release (Queiroz et al., 2021). 

The region has two well-defined climate seasons: dry winter (April to 
September) and rainy summer (October to March; (Bernardino et al., 
2015); Bissoli and Bernardino, 2018). In 2019 (four years after the initial 
tailing deposition), soil and plant samples were collected from three 

Fig. 1. Sampling locations at the Rio Doce estuary and images of the different plant species studied: (A) Typha domingensis, (B) Eleocharis acutangula, and (C) Hi
biscus tiliaceus. 
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plots at three sites in the Rio Doce estuary (Fig. 1). Each area was 
colonized by a monospecific stand of estuarine plant species (i.e., Typha 
domingensis, Eleocharis acutangula, and Hibiscus tiliaceus) to evaluate 
their role in the geochemical behavior of HMs in the soil after the 
deposition of Fe-rich tailings. These plants were chosen for their 
representativeness in the estuarine environment, as they are the main 
native species naturally occurring in the Rio Doce estuary. Additionally, 
the use of native species in phytoremediation trials can be more effective 
due to the habitat adaptation of these species (Fadzil et al., 2023), 
especially in wetland environments that require flooding adaptations. 

Typha domingensis and Eleocharis acutangula are both monocot spe
cies native to South America, commonly found in tropical wetland 
ecosystems (Rosen et al., 2007). The plant species T. domingensis 
(Fig. 1A) belongs to the order Poales and it is a perennial, herbaceous 
plant with a dense root system and efficient propagation via seeds and 
rhizome (Paiva et al., 2020). Conversely, E. acutangula (Fig. 1B) has an 
underground rhizome, adventitious roots, and culms responsible for 
photosynthesis, with leaves serving as protective bracts (Baksh and 
Richards, 2006). On the other hand, H. tiliaceus, a perennial eudicot 
species native to coastal and near-coastal ecosystems from the Malva
ceae family, is characterized by ovate to orbicular leaves and a spreading 
lateral root system (Verdcourt and Mwachala, 2009). 

Samples of the aerial parts of T. domingensis and E. acutangula were 
collected using a 0.5 m × 0.5 m square plot. All biomass within this 
sampling area was harvested as near as possible from the soil surface. 
For H. tiliaceus, well-developed leaves were collected from the tree 
crown. Aerial biomass was washed with deionized water and dried in an 
oven at 65 ◦C until a constant weight was achieved. The biomass was 
crushed in a mill and stored in plastic bags until analysis. 

Before the soil sampling, polyvinyl chloride tubes (PVC) were 
washed with 10 % HCl. At each sampling location (Fig. 1), three points 
were selected as replication sites. At each replication site, two soil cores 
were collected (Fig. S1), totaling six replications per plant species. Soil 
cores (40 cm long, with a 67 mm internal diameter) were collected in 
triplicate at the center of each plot (Fig. S1) using PVC tubes. After 
sampling, all cores were hermetically stored upright at 4 ◦C. Upon 
returning to the laboratory, the cores were sectioned at every 10 cm, and 
the soil samples were stored in plastic bags in the dark at 4 ◦C until 
analysis. 

Bulk soil pH and redox potentials (Eh) were measured in the field 
using portable pH and ORP meters (Hanna®, model HI-991002) 
(Fig. S2). The pH glass electrode was previously calibrated with stan
dard solutions (pH 4.0 and 7.0). At the same time, the Eh values were 
recorded using a platinum electrode, and the obtained values were 
corrected by adding the value for the calomel reference electrode 
(+244 mV). 

2.2. Soil characterization 

Soil total organic carbon (TOC) and particle size distribution were 
determined from samples at each site (Table 1). Before TOC determi
nation, inorganic carbon was removed using 1 mol L− 1 HCl. Then, TOC 
was determined using an elemental analyzer (LECO 144 SE-DR) 
(Howard et al., 2014). Particle size distribution (Table 1) was deter
mined according to Stokes’ law after removing organic matter and 
carbonates from the soils (Gee and Bauder, 1986). 

The soil total contents of HMs (Cr, Cu, Ni, and Pb) were obtained 
after acid digestion using the USEPA method 3052 (United States 
Environmental Protection Agency, 1996). A soil-certified material (NIST 
- San Joaquin Soil 2709a) was digested using the same protocol as the 
samples to verify reliability (Supplementary Information Table S1). 

Additionally, sequential extraction was performed to obtain six 
operationally different fractions to determine HMs concentrations 
associated with varying fractions of soil, according to the methodologies 
proposed by (Ferreira et al., 2007) and (Otero et al., 2009). Briefly: 

EX – Exchangeable HMs: 2.0 g were stirred for 30 min in 30 ml of 

1 mol L− 1 MgCl2 solution (pH 7.0). 
CA – HMs associated with carbonates were stirred for 5 h in 30 ml of 

1 mol L− 1 NaOAc solution (pH 5.0). 
SRO – HMs associated with short-range Fe oxide: stirred for six h at 

96 ◦C in 30 ml of hydroxylamine solution 0.04 mol L− 1 + 25 % acetic 
acid (v/v) solution. 

CO– HMs associated with crystalline Fe oxides: stirred for 30 min at 
75 ◦C in 20 ml of 0.25 mol L− 1 sodium citrate + 0.11 mol L− 1 sodium 
bicarbonate with 3 g of sodium dithionite. 

Before the next fraction extraction, silicates were removed by stirring 
samples with 30 ml of HF 10 mol L− 1 for 16 h at room temperature. 
Then, at room temperature, organic matter was removed by stirring 
samples with 15 ml of concentrated sulfuric acid for two h. 

PY – HMs associated with pyrite: stirred for two h at room temper
ature with 10 ml of concentrated HNO3. 

The easily available (EA) fraction was considered the sum of EX and 
CA contents (Li et al., 2019; Ren et al., 2015). 

2.3. Roots and rhizosphere soil collection 

At each soil depth (i.e., 10 cm), the roots were carefully selected and 
vigorously shaken to remove loose soil. The soil firmly adhered to the 
roots (operationally defined as rhizosphere soil; Edwards et al., 2015) 
and was collected by brushing the roots (Edwards et al., 2015). After 
collecting the rhizosphere soil, roots were washed repeatedly with 
deionized water and then stored at 4 ºC. 

2.4. Determination of rhizosphere pH 

Rhizosphere soil was incubated for 1 h with deionized water (1 g of 
soil: 2.5 ml of water) at room temperature, and then, the pH of the 
rhizosphere soil (rhz-pH) was measured (Jackson, 1998) using a pH 
meter (Digimed®, DM-22 model) previously calibrated with standard 
solutions (pH 4.0 and 7.0). 

2.5. Iron plaques extraction and plant parts acid digestion 

For root IP extraction, 1.0 g samples of washed roots were weighed 
and immersed in a solution containing 40 ml of 0.3 mol L− 1 sodium 

Table 1 
Total organic carbon contents (TOC) and particle size distribution of the soils 
collected at the study’s three sites in the Rio Doce estuary, Brazil.  

Site Plant species Depth TOC Clay Silt Sand 
(cm) %  

1 T. domingensis 0–10 1.4 ±
0.0 

19.2 ±
9.5 

24.3 ±
18.4 

19.2 ±
9.5 

10–20 1.7 ±
0.1 

43.6 ±
1.5 

44.8 ±
2.8 

11.6 ±
3.9 

20–30 0.9 ±
0.2 

24.3 ±
5.2 

20.1 ±
12.9 

55.6 ±
10.9 

30–40 0.2 ±
0.2 

1.3 ± 0.0 1.7 ± 0.0 97 ± 0.0  

2 E. acutangula 0–10 2.3 ±
1.0 

24.3 ±
10.2 

36.9 ±
6.4 

38.8 ±
16.5 

10–20 1.8 ±
0.6 

41 ± 5.3 44.6 ±
3.1 

14.3 ±
8.4 

20–30 0.8 ±
0.9 

20.9 ±
8.8 

18.6 ±
14.7 

60.4 ±
18.8 

30–40 0.1 ±
0.0 

1.3 ± 0.0 1.7 ± 0.0 97 ± 0.0  

3 H. tiliaceus 0–10 3.1 ±
0.2 

40.4 ±
4.0 

46.8 ±
4.0 

12.9 ±
3.3 

10–20 2.2 ±
0.4 

40.3 ±
4.2 

51.4 ±
4.6 

8.4 ± 1.4 

20–30 1.9 ±
0.0 

44.8 ±
6.0 

46.8 ±
5.1 

8.4 ± 2.6 

30–40 2.5±
0.3 

44.4 ±
13.0 

48.1 ±
10.7 

7.5 ± 2.5  
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citrate, 5 ml of 1.0 M sodium bicarbonate, and 1.0 g sodium dithionite. 
The samples were mechanically shaken on a horizontal shaker at 
125 rpm for 16 h at room temperature (Taylor and Crowder, 1983) 
(Fig. S3). The extracts were stored frozen (< 4 ºC) until analysis. Then, 
roots were repeatedly washed with deionized water and placed in an 
oven at 65 ◦C to dry until constant weight. 

Roots and aerial biomass were digested using the USEPA method 
3050 B (USEPA, 2007). Certified material from strawberry leaves (LGC 
7162) and duplicate blank samples were included to verify the reliability 
of the method (Supplementary Information, Table S2). 

2.6. HM Determination in analytical extracts 

HM concentrations in the extracts from all matrices (i.e., soils and 
plants) were determined using inductively coupled plasma-optical 
emission spectrometry (ICP-OES) according to the 6010 C protocol 
from the USEPA (USEPA, 1997). Curve calibration solutions were pre
pared by diluting certified standard solutions (Multielement Standard 
Solution 5, TraceCERT®) to guarantee quality control in determining 
HMs concentrations. Analytical standards were within 10 % of known 
values. The analytical blanks contained Cr, Cu, Ni, and Pb concentra
tions below the limit of quantification (LQ) of 0.005 mg L− 1, and the 
analytical precision (expressed as RSD%) was < 10 % for all elements 
(Tables S1 and S2). The recovery rates of HMs (approximately 90 %) 
were considered satisfactory (Tables S1 and S2). 

2.7. Calculations and statistical analysis 

The bioconcentration factor, calculated as the ratio of concentrations 
in the plants and soil (BCF; (Fawzy et al., 2012)), was determined as 
follows (Eq. 1): 

BCF =
Metal content in plant tissue(mg

kg)

Metal total content in the soil(mg
kg)

(1) 

The non-parametric Kruskal-Wallis test was applied to the data from 
soils and plants. If significant differences were found (p < 0.05), average 
values were compared by Dunn’s post-test (Reimann et al., 2011). We 
applied to the data a principal component analysis with plants (e.g., 
Cr-shoot, Ni-shoot, Cu-root, and Pb-root) and soil parameters (HM 
geochemical fractions and pH of rhizosphere soil) (Reimann et al., 
2011). The variables were selected to maximize the data variability 
within the least number of components. All statistical analyses were 
performed using R (Core Team, R, 2021). 

3. Results 

3.1. Soil bulk pH and Eh and rhizosphere pH 

There were no differences between the three studied plant species 
concerning bulk soil pH and redox potential (Eh) (Fig. S3). On average, 
bulk soil pH was 5.2 ± 0.3 (Fig. S3A), whereas Eh was, on average, +242 
± 110 mV (Fig. S3B). In contrast, the pH of the rhizosphere soil under 
the studied plant species showed significant (p < 0.05) differences 
(Fig. 2). T. domingensis soil presented the most acidic rhizosphere pH 
(4.7 ± 0.3; Fig. 2), followed by H. tiliaceus (6.1 ± 0.4; Fig. 2) and 
E. acutangula (6.4 ± 0.1; Fig. 2). 

3.2. Total HM contents in soils 

The total HM content in the soils of the Rio Doce estuary (Fig. 3) 
varied among the different plant species. Lesser total contents of Cr, Cu, 
and Ni were found in the soils under the T. domingensis and E. acutangula 
(Cr: 13.3 ± 9 mg kg− 1; Cu: 12.0 ± 8.7 mg kg− 1 and Ni: 5.0 ±
3.1 mg kg− 1; Fig. 3A and 3B), compared to the soils under H. tiliaceus 
(Cr: 37.6 ± 11.5 mg kg− 1; Cu: 31.7 ± 17.8 mg kg− 1, and Ni: 12.8 ±

2.9 mg kg− 1; Fig. 3C). The total HM contents in the soils vegetated by 
the macrophyte species T. domingensis and E. acutangula were not 
significantly different from one another; for Cr, Cu, and Ni, the average 
concentration for the two macrophyte species were 61–64 % lesser (Cr: 
13.4 ± 8.7 mg kg− 1; Cu: 11.9 ± 8.7 mg kg− 1; Ni: 11.9 ± 8.7 mg kg− 1, 
Fig. 3) than total HMs contents in the soil vegetated by H. tiliaceus (Cr: 
37.6 ± 11.5 mg kg− 1; Cu: 31.2 ± 17.7 mg kg− 1; Ni: 12.8 ± 2.9 mg kg− 1, 
Fig. 3). However, for Pb, the total soil content did not differ between the 
studied plant species (on average 71.8 ± 52.4 mg kg− 1; Fig. 3D). 

3.3. Soil geochemical fractionation of HMs 

Plant species significantly affected the geochemical fractionation of 
HMs in the studied soils (Fig. 4). Macrophytes (i.e., T. domingensis and 
E. acutangula) showed similar geochemical fractionation patterns for all 
HMs (Fig. 4A, 4B, 4D, 4E, 4G, 4H, 4J, and 4K). Overall, the HMs in 
macrophyte soils were mostly associated with short-range Fe oxides 
(SRO: on average 59 %), followed by crystalline Fe oxides (CO: on 
average 23 %), and greater percentages of BA fractions (on average 9 %) 
when compared to H. tiliaceus. 

In contrast, H. tiliaceus soils showed significantly greater contents of 
HMs associated with CO (51 %) than those observed in soils vegetated 
by macrophytes (Cr: 1.7-fold greater; Cu: 68-fold greater; Ni: 4-fold 
greater; Fig. 4C, 4F, 4I, and 4L). This pattern was observed at both 
depths. The percentages of SRO and BA fractions were 33 % and 9 %, 
respectively. 

3.4. HMs accumulation in plant parts and iron plaques 

The pattern of HM accumulation differed between different plant 
parts and species (Fig. 5). For all studied species, Cr and Ni mostly 
accumulated in aerial tissues (i.e., shoots). Cr concentration in 
T. domingensis’ shoot was 2.5-fold (178 ± 9.3 mg kg–1; Fig. 5A) greater 
than in E. acutangula (72.3 ± 27.8 mg kg–1; Fig. 5A), and 15-fold greater 
than in H. tiliaceus (11.5 ± 12.5 mg kg–1; Fig. 5A). Similarly, Ni con
centrations in T. domingensis (113 ± 5.1 mg kg–1; Fig. 5A) were 6-fold 
and 9-fold greater in its shoots than E. acutangula (18.4 ± 5.5 mg kg–1; 
Fig. 5A) and H. tiliaceus (12.3 ± 1.6 mg kg–1; Fig. 5A), respectively. 
Conversely, Cu and Pb mostly accumulated in the roots. H. tiliaceus 
showed greater contents of Cu (58.2 ± 34.3 mg kg–1; Fig. 5A) and Pb 
(12.7 ± 7.8 mg kg–1; Fig. 5A) in its roots when compared to 
E. acutangula (Cu: 30.3 ± 27.6 mg kg–1; Pb: not detected; Fig. 5A) and 
T. domingensis (Cu: 16.0 ± 12.9 mg kg–1; Pb: 1.1 ± 1.4 mg kg–1; 
Fig. 5A). 

Fig. 2. Average pH values of rhizosphere soils vegetated by T. domingensis, 
E. acutangula, and H. tiliaceus at Rio Doce estuary (Brazil). Averages (n = 6) 
followed by different letters significantly differed by the Kruskal–Wallis test (p 
< 0.05). 
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In the iron plaques (IP) collected from roots, no significant differ
ences were observed between the studied species for Ni and Cr, and 
these metals were not detected in the IP of H. tiliaceus and T. domingensis 
(i.e., less than the detection limit of 1.5 mg kg− 1; Fig. 5A). However, 
greater Cu concentrations were found in the E. acutangula (14.2 ±
8.9 mg kg− 1; Fig. 5A) when compared to H. tiliaceus (10.6 ±

10.2 mg kg− 1; Fig. 5A) and T. domingensis (1.6 ± 1.1 mg kg− 1; Fig. 5A). 
For Pb, the greatest concentration was found in H. tiliaceus (3.1 ±
1.6 mg kg− 1; Fig. 5A), followed by T. domingensis (1.7 ± 0.9 mg kg− 1; 
Fig. 5A) and E. acutangula (1.0 ± 0.6 mg kg− 1; Fig. 5A). 

For the macrophytes, T. domingensis and E. acutangula, the shoot 
BCFs were > 1 for Cr (15.1 and 4.8 %, respectively), Cu (1.4 and 1.7, 
respectively), and Ni (22.5 and 3.6, respectively), whereas H. tilliaceus 
showed BCFs < 1 (shoot and root) for all HMs (except for Cu in roots, 
2.2; Fig. 5B). 

3.5. Principal component analysis 

The principal component analysis (PCA) also showed clear differ
entiation between macrophytes (i.e., T. domingensis and E. acutangula) 
and H. tilliaceus. The two components (PC1 and PC2) obtained in the 
PCA explained 69.8 % of the data variability (Fig. 6; Table S3). The ei
genvalues and eigenvectors of each component are presented in the 
Supplementary Material (see Table S3). PC1 explained 47.8 % of the 

data variability. In PC1, the vectors of the Cr-shoot and Ni-shoot showed 
opposite trends concerning Cr-SRO and pH-rhz (Fig. 6). PC2 explained 
22.2 % of the data variability, and opposite directions were observed for 
Cr-shoot, Ni-shoot, Cr-BA, Pb-CO, Ni-Co, Ni-SRO, Ni-BA, Cr-CO, and pH- 
rhz (Fig. 6). 

4. Discussion 

The differences in HM accumulation pattern within the plants is 
controlled by specific biological factors that govern the transport and 
distribution of elements in plants (Feng et al., 2013, 2016). 
T. domingensis accumulated more Cr and Ni in the aerial tissues; how
ever, the mechanisms involved in Cr and Ni hyperaccumulation by 
macrophytes (e.g., T. domingensis) remain poorly understood (Jaffré 
et al., 2013). Chromium is a non-essential element and thus lacks a 
specific plant transport system (Shanker et al., 2005; Sharma et al., 
2020). Phosphate and sulfate transporters are plants’ most common Cr 
uptake mechanisms (Caldelas et al., 2012; Mangabeira et al., 2011). 
However, in some Fe hyperaccumulators (e.g., Brassica rapa and Spinacia 
oleracea), Cr can be taken up and translocated by Fe channels (Cary 
et al., 1977), allowing its passage and accumulation (Ao et al., 2022). 
Additionally, some metal transporters involved in Fe and Mn accumu
lation in plants (e.g., NRAMP, IREG/FPN, YSL, and ZIP/IRT families) 
may be involved in Ni hyperaccumulation (Rascio and Navari-Izzo, 

Fig. 3. Total contents of Cr (A), Cu (B), Ni (C), and Pb (D) in the soils (0–20 cm) at the Rio Doce estuary vegetated by T. domingensis, E. acutangula, and H. tiliaceus. 
Averages (n = 6) followed by different letters significantly differed by the Kruskal–Wallis test (p < 0.05). 
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Fig. 4. Cr (A, B, and C), Cu (D, E, and F), Ni (G, H, and I), and Pb (J, K, and L) geochemical fractionation of soils under different native estuarine plant species: 
T. domingensis (A, D, G, and J), E. acutangula (B, E, H, and K), and H. tiliaceus (C, F, I and L) in the Rio Doce estuary. BA: bioavailable (sum of exchangeable and 
carbonates fractions); SRO: Short-range ordered Fe oxides (sum of ferrihydrite and lepidocrocite fractions); CO: Crystalline Fe oxides. Note: graphs A, B, and C were 
displayed on a different scale from the others. 
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2011; Verbruggen et al., 2009; Krämer, 2010). 
Overall, the concentration of Cr and Ni in T. domingensis was higher 

than the concentration expected in plant tissues (Table 2), and within 
the range of concentration in the shoot of macrophytes with potential for 
Cr and Ni accumulation. Thus, the potential of T. domingensis to accu
mulate Cr and Ni, especially compared to the other species in this study 
(Fig. 5), could be associated with its ability to accumulate Fe and Mn 
(Ferreira et al., 2022a, 2022b; Ao et al., 2022). Non-linear logarithmic 
regression was adjusted. It showed a positive correlation between Cr 

(r2= 0.884) and Ni (r2= 0.883) and Fe concentrations in the shoot 
(Fig. 7), suggesting homology in the mechanism of accumulation. The β1 
coefficients, which represent the slope of regression lines (Cr: 62.38 and 
Ni: 40.57), indicated that every 1 mg kg− 1 of Fe taken up and trans
ported to shoots is associated with the accumulation of 0.62 mg kg− 1 of 

Fig. 5. Average metal concentration (mg kg− 1) in the iron plaque (IP), roots, and shoots of three studied estuarine plant species (H. tiliaceus, E. acutangula, and 
T. domingensis) (A) and the bioconcentration factors (BCFs) in the shoot and the root of these plants (B). Averages (n = 6) followed by different letters significantly 
differed by the Kruskal–Wallis test (p < 0.05). Statistical letters in the bottom graphs refer to the total below-ground concentration (i.e., the sum of IP and root 
concentrations). *Below the detection limit (1.5 mg kg− 1). 

Fig. 6. Principal component analysis for soil parameters (geochemical fractions 
of Cr, Ni, and Cu, and rhizosphere pH (rhz-pH), and plant parameters (Cr and Ni 
in the shoot, Cu and Pb in the roots). All parameters were determined in the 
soils and plant parts of the studied plant species: H. tiliaceus, E. acutangula, and 
T. domingensis. No rotation was applied, and variables were selected to increase 
the data variability explained by the components. 

Table 2 
Concentration of Cr, Ni, Pb and Cu in different aquatic plant species.  

Plant species Metal 
(range in 
plants*) 

Concentration 
in the shoot 

Reference 

Salvinia herzogii Cr 
(1.5 mg kg− 1) 

448 mg kg− 1 Maine et al., 2004 
Typha angustata 34 mg kg− 1 Ramachandra et al., 

2018 
Phragmites australis 25.2 mg kg− 1 Nawrot et al., 2023 
Iris pseudacorus 537 mg kg− 1 Nawrot et al., 2023 
Callitriche 

cophocarpa 
470 mg kg− 1 Augustynowicz et al., 

2010 
Typha angustata Cu 

(10 mg kg− 1) 
165 mg kg− 1 Ramachandra et al., 

2018 
Lemna trisulca L. 550 mg kg− 1 Prasad et al., 2001 
Potamogeton 

pectinatus L. 
2000 mg kg− 1 Costa et al., 2018 

Myriophyllum 
aquaticum 

3.39 Harguinteguy et al., 
2016 

Potamogeton 
pectinatus 

10.5 Baldatoni et al., 2005 

Typha angustata Ni 
(1.5 mg kg− 1) 

17.1 mg kg− 1 Ramachandra et al., 
2018 

Salvinia minima 163 mg kg− 1 Fuentes et al., 2014 
Lythrum salicaria 697 mg kg− 1 Bingöl et al., 2017 
Egeria densa 5000 mg kg− 1 Harguinteguy et al., 

2015 
Myriophyllum 

aquaticum 
5000 mg kg− 1 Harguinteguy et al., 

2015 
Typha angustata Pb 

(1 mg kg− 1) 
59.7 mg kg− 1 Ramachandra et al., 

2018 
Egeria densa 3799 mg kg− 1 Harguinteguy et al., 

2015 
Myriophyllum 

aquaticum 
2302 mg kg− 1 Harguinteguy et al., 

2015 

*Standard reference plant concentration according to van Der Ent et al., 2013 
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Cr and 0.40 mg kg− 1 of Ni. 
In contrast, the greater accumulation of Cu and Pb in the roots of 

H. tiliaceus, followed by E. acutangula; Fig. 5), is probably related to the 
limited mobility of these elements in plants (Yan et al., 2022; Klink et al., 
2013). Feng et al (Feng et al., 2016). suggested that Pb is not an essential 
nutrient, so it has low mobility from roots to shoots compared to critical 
elements (e.g., Fe). Accordingly, Cu is strongly associated with Fe in the 
plant roots’ epidermis, implying Cu’s adsorption on Fe (oxyhydr)oxides 
(Feng et al., 2016). The greater contents of Cu in the IP of H. tiliaceus and 
E. acutangula (Fig. 5A) support this interpretation. In the case of 
H. tiliaceus, BCF > 1 (for Cu and Pb roots; Fig. 5B) suggests that this 
species is suitable for phytostabilization programs (de Oliveira et al., 
2022; Heckenroth et al., 2022). 

The mobility of HMs between plant compartments may vary widely 
between plant species while also being influenced by intraspecific fac
tors (Klink et al., 2013). For instance, although Eleocharis acicularis was 
reported as a Cu hyperaccumulator (accumulating up to 20,000 mg kg− 1 

of Cu in its shoots; (Sakakibara et al., 2011)), our results revealed that 
Eleocharis acutangula showed moderate HM accumulation, mainly in its 
roots (mostly Cu and Pb; Fig. 5A), indicating a possible species-specific 
mechanism of HM uptake (Yan et al., 2022; Yaashikaa et al., 2022). 

On the other hand, regarding phytoextraction programs, H. tiliaceus 
and E. acutangula are not suitable since they showed HM concentration 
in the shoot higher than expected for a plant, but much lower than the 
hyperaccumulation threshold (Van der Ent et al., 2013) and the range of 
concentration in potential phytoextractor species (Table 2). 

Interactions between biological and geochemical conditions can 
explain the patterns of HM in the studied soils (Fig. 4) and HM accu
mulation in the plant parts (Fig. 5). The lesser total HM content in the 
soils vegetated by macrophytes (i.e., Typha and E. acutangula. Fig. 3) 
exemplifies the contrasting potential of estuarine plant species to alter 
soil geochemistry (Ferreira et al., 2022a; Manasypov et al., 2021), which 
ultimately leads to differences in the dynamics of HMs in soils (Fig. 4; 
(Ao et al., 2022)). Understanding how plants control the soil biogeo
chemistry of HMs may elucidate the factors influencing the bioavail
ability of metals in soils colonized by different plant species (Ferreira 
et al., 2022a, 2022b). 

The contrasting rhizosphere soil conditions (e.g., pH; Fig. 2) 
observed for each plant species exerted major control over HM 
biogeochemistry and affected plant HMs accumulation potential. 
Among the studied plants, T. domingensis showed the most acidic 
rhizosphere pH (Fig. 2) and the greatest Cr and Ni contents in its shoots 
(Fig. 5A). This relationship was expressed by the opposite vectors be
tween rhz-pH and Ni-BA and Ni-SRO in PC1 and the opposite vectors 
between rhz-pH and Ni-shoot in PC2 (Fig. 6; Table S3). The lesser Ni 
content associated with SRO and BA, especially in Typha soils (Fig. 4G), 

is probably related to the dissolution of SRO fraction, which is more 
prone to dissolution at acidic pH (Miller et al., 1986; Schwertmann, 
1991). The dissolution process can concomitantly release HMs associ
ated with SRO Fe minerals (see (Queiroz et al., 2021)), which plants can 
then take up, resulting in greater Cr and Ni absorption. This interpre
tation is corroborated by the high concentration of Cr and Ni in Typha 
shoots (Fig. 5A). In fact, rhizosphere pH has been well-reported as a 
parameter that has a significant effect on the metal acquisition by 
different hyperaccumulator plants (Alejandro et al., 2020; DeGroote 
et al., 2018). 

In contrast, the soils vegetated with H. tiliaceus and E. acutangula 
showed HMs mostly associated with iron oxides (Fig. 4B, 4C, 4E, 4F, 4H, 
4I, 4K, and 4L). The profuse and well-distributed root systems of both 
plants are highly efficient in promoting bioturbation (i.e., disturbance of 
soil and sediment layers by biological activity; (Kristensen et al., 2012)), 
which increases soil porosity (Martínez-Sánchez et al., 2022), favors 
oxygen diffusion into the soil (Machado et al., 2014), and leads to Fe 
oxide precipitation (Mendelssohn and Postek, 1982). 

Additionally, rhizosphere pH affected HM accumulation in 
H. tiliaceus and E. acutangula roots. For instance, the large magnitude of 
eigenvalues and the same direction of eigenvectors for rhz-pH and SRO 
in PC2 (Fig. 6; Table S3) indicated a positive correlation between these 
variables. Thus, a more alkaline rhizosphere pH would favor SRO pre
cipitation and HM adsorption with this fraction (Fig. 4F). In fact, Moon 
and Peacock (Moon and Peacock, 2013) demonstrated that increased pH 
increased favored Cu adsorbed by inner-sphere complexes on SRO sur
faces. Bravin et al (Bravin et al., 2009). showed that soil alkalinization 
by roots is an important plant strategy for coping with Cu2+ phytotox
icity. These authors observed a decrease in Cu2+ activity of up to three 
orders of magnitude with increasing pH in the Triticum turgidum durum L. 
rhizosphere. Various studies (de Oliveira et al., 2022; Bravin et al., 
2009) have shown that root accumulation is an important mechanism 
controlling Cu content. These findings were further corroborated by Cu 
root content in H. tiliaceus and E. acutangula (Fig. 5). 

In this sense, HM total contents can widely vary between bulk and 
rhizosphere soil due to the biogeochemical changes induced by plants 
(Wang et al., 2002; Wang et al., 2023), which also impacts the elements 
uptake by plants (Wiche and Pourret, 2023). The pH of the rhizosphere 
is a key factor in determining the bioavailability of HM in soils. Higher 
pH levels in the rhizosphere tend to decrease heavy metal bioavailability 
(Bravin et al., 2009), while lower pH levels can increase it (Alejandro 
et al., 2020; DeGroote et al., 2018). 

It is also important to note that HM bioavailability (Fig. 4) may not 
result in increased HM uptake (Fig. 5), as shown in H. tiliaceus and 
E. acutangula. These soils associated with these plants showed the 
greatest BA and SRO contents (Fig. 4) and the smallest HM shoot con
centrations (Fig. 5A). As mentioned previously, the lack of metal 
transporters and non-essentiality are biological factors that may impair 
HM uptake and translocation (Feng et al., 2013, 2016). 

HM translocation from root to shoot can provide not only guidelines 
for phytoremediation protocols (i.e., phytoextraction or phytostabili
zation) but also shed light on potential environmental risks of each HM 
based on the plant compartments in which they accumulate. For 
instance, HMs accumulated in the roots would not be accessed by her
bivores, possibly decreasing the environmental risks of animals 
consuming contaminated plant compartments (Jackson, 1998). On the 
other hand, fast root decay can cycle the HMs in the environment. HM 
accumulation in leaves can facilitate the removal of contaminants from 
the environment in cases where plant management is applied; however, 
if the aerial tissues are not harvested, leaf senescence and shoot trans
port by rivers could export HMs to other environments (Jackson, 1998). 
Besides the importance of metals global cycling, there is a lack of in
formation in how different accumulation patterns between aquatic 
plants (i.e., root, stem, or leaves) could impact the heavy metals fates. 

Fig. 7. Correlation between Fe, Cr, and Ni concentration in the shoots of all 
plant species. 
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5. Conclusions 

Our study sheds light on new pathways toward plant control of heavy 
metals (HM) dynamics in estuarine soils and its implications for po
tential phytoremediation strategies targeting HM decontamination. Our 
findings show contrasting potentials for HM phytoremediation by 
different tropical native estuarine plants. Cr and Ni accumulated the 
most in the shoots of naturally growing T. domingensis. In contrast, 
H. tiliaceus accumulated more Cu and Pb in the roots, indicating great 
potential for the phytostabilization of these hazardous elements. To our 
knowledge, this is the first report of H. tiliaceus as a suitable species for 
Cu and Pb phytostabilization in wetland environments. The contrasting 
soil rhizosphere pH among plant species significantly influenced the 
dynamics of HMs in soils, affecting Fe (oxyhydr)oxide dissolution and 
precipitation, which controlled HM accumulation in plant parts. 

Based on our findings, we highlight the potential of T. domingensis for 
the phytoextraction of multiple hazardous elements, with the potential 
to help mitigate the environmental impacts of Cr and Ni soil contami
nation. The phytoremediation potential of Typha could be increased 
through assisted phytoremediation approaches (e.g., chelated- and 
microbially assisted phytoextraction (Sarwar et al., 2017)). Finally, 
E. acutangula showed the least potential for HM phytoremediation. 
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